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H I G H L I G H T S G R A P H I C A L  A B S T R A C T

• Vegetation, N addition, and hydro
geomorphic setting regulate SOM pools 
in wetlands.

• Interior wetlands store more total SOM 
and MAOM mass and have lower sand 
content.

• Creekside soils show greater MAOM 
stabilization efficiency despite lower 
SOM.

• N addition enhances MAOM in interior 
mangroves but reduces it in marsh soils.

• Mangroves favor MAOM stabilization, 
while marshes retain more C as detrital 
POM.
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A B S T R A C T

As average global temperatures rise, coastal wetlands play a crucial role in carbon (C) sequestration and storage, 
primarily as soil organic matter (SOM). However, the poleward migration of mangroves into salt marsh habitats, 
along with nitrogen (N) pollution, may alter SOM formation and stability, and thus the capacity of coastal 
wetlands to preserve soil C long-term. Wetland SOM is composed of mineral-associated organic matter (MAOM), 
which is considered highly stable due to physicochemical protection, and particulate organic matter (POM), 
which has a more rapid turnover rate. This study evaluated the effects of mangrove presence, N enrichment, and 
hydrogeomorphic setting on SOM pools and biogeochemical soil properties in NE Florida, USA, to understand 
implications for long-term soil C and N preservation. A factorial field experiment (40 plots) tested interactions 
between hydrogeomorphic location (creekside vs. interior), vegetation (marsh vs. mangrove), and N treatment 
(fertilized vs. control), across two depths (0–15 and 15–30 cm) on MAOM and POM pools. Interior plots held 
58% more MAOM-C and 61% more MAOM-N by mass than creekside plots, with control marshes MAOM-C and 
MAOM-N exceeding control mangroves. However, when normalized, MAOM accounted for 55.5% of total C and 
73.8% of total N in creekside plots, compared to 44.3% and 61.2% in interior plots- suggesting greater C sta
bilization efficiency. N-fertilization effects varied by vegetation and location. In interior plots (0–15 cm), N- 
fertilization increased MAOM by 28–30% in mangroves, while decreasing MAOM by 20–21% in marshes. In 
creekside plots, N-fertilization had no main effect, though fertilized marshes held more MAOM than fertilized 
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mangroves. Collectively, these findings underscore the need for site-specific assessments (vegetation, nutrient 
inputs, and hydrogeomorphic setting, etc.) of blue C potential as coastal vegetation and nutrient regimes 
continue to shift.

1. Introduction

Coastal wetlands play a critical role in the global carbon (C) and 
nitrogen (N) cycles, serving as significant sinks through sediment ac
cretion and soil organic matter (SOM) accumulation (Reddy and Patrick, 
1975; Chmura et al., 2003). These ecosystems, including salt marshes 
and mangroves, contribute to long-term C sequestration (Alongi, 2014; 
Cahoon et al., 2021) due to low oxygen levels and slow decomposition 
(Reddy and DeLaune, 2008), while also buffering adjacent waters from 
nutrient enrichment by retaining and transforming land-derived N 
(Valiela and Cole, 2002; Hurst et al., 2016). However, the ability of 
coastal wetlands to function as effective C and N sinks relies on the 
accumulation and persistence of SOM, which can be sensitive to 
anthropogenic stressors, including climate change (Ofiti et al., 2023) 
and nutrient loading (Galloway et al., 2008; Mack et al., 2024).

One of the most recognizable climate-driven changes in temperate 
and subtropical coastal wetlands is the poleward expansion of man
groves into salt marsh ecosystems as severe winter freeze events become 
less frequent (Cavanaugh et al., 2014; Saintilan et al., 2014; Chapman 
et al., 2021; Osland et al., 2013, 2021). Additional drivers include sea- 
level rise, subsidence, and increased sedimentation (Rogers et al., 
2005; Krauss et al., 2011, 2014). In Florida, mangrove cover has 
increased markedly over recent decades (Rodriguez et al., 2016; Cav
anaugh et al., 2019). Studies documented a 69% increase in mangrove 
abundance in southern portions of the marsh-mangrove ecotone within 
seven years (Doughty et al., 2016), and northward movement of both 
Avicennia germinans and Rhizophora mangle into Georgia (Overstreet 
et al., 2025; Vervaeke et al., 2025). As mangroves become dominant, 
they can alter ecosystem structure and services (Kelleway et al., 2017) 
by 1) replacing herbaceous vegetation with woody trees, 2) modifying C 
storage (Doughty et al., 2016; Vaughn et al., 2020), and 3) altering 
sediment dynamics and processes (Coldren et al., 2019; Simpson et al., 
2021). Although mangroves contribute substantial organic carbon (OC) 
inputs to wetland soils due to high aboveground biomass productivity 
(Doughty et al., 2016; Kelleway et al., 2016), their influence on 
belowground processing is complex. For example, mangrove roots can 
introduce oxygen into the soil that may stimulate microbial activity and 
accelerate organic matter (OM) decay (Barreto et al., 2018). Early work 
suggests that mangrove encroachment generally enhances soil organic C 
(SOC) storage (Bianchi et al., 2013; Doughty et al., 2016; Kelleway et al., 
2016), yet more recent analyses show that SOC responses are not uni
form and depend on environmental setting and time since encroachment 
(Steinmuller et al., 2022). Together, these findings indicate that the 
mangrove presence may result in different C pools and fluxes than in salt 
marsh, expansion are highly context-dependent.

In parallel with shifting vegetation communities, many coastal 
wetlands have experienced elevated nutrient inputs from agriculture, 
wastewater, and urbanization over recent decades (Cloern, 2001; 
Bricker et al., 2008; Galloway et al., 2008). While N and phosphorus (P) 
inputs occur naturally through weathering and upwelling (Bricker et al., 
2008), anthropogenic sources now dominate nutrient delivery to estu
aries (CENR, 2000). Resulting eutrophication contributes to harmful 
algal blooms and episodic wildlife mortality events (Lapointe et al., 
2015, 2020; Allen et al., 2022). Although wetlands can retain and 
transform N (Valiela and Cole, 2002), excessive N input can destabilize 
wetland soils by reducing biodiversity, accelerating OM decomposition, 
and reducing root biomass, thereby increasing the risk of subsidence and 
habitat loss (Deegan et al., 2012; Wigand et al., 2014). Conversely, 
nutrient additions may also stimulate plant productivity and sediment 
trapping, potentially increasing resilience to sea-level rise (Morris et al., 

2013; Graham and Mendelssohn, 2014; Weaver and Armitage, 2020). 
These contrasting outcomes highlight the need of understanding how 
nutrient inputs interact with vegetation type and environmental setting 
to regulate SOM stability.

Finally, microtopographic and hydrogeomorphic differences within 
a coastal wetland can influence biogeochemical properties and pro
cessing dynamics (Deegan et al., 2007). Creek-adjacent zones, often 
referred to as ‘low marsh’, experience frequent inundation, greater tidal 
flushing, higher mineral sediment deposition, and elevated erosion risk 
(Wood and Hine, 2007; Fagherazzi and Mariotti, 2012; Sapkota and 
White, 2019). In contrast, the interior ‘high marsh’ zones flood less 
frequently, receive reduced mineral inputs, and accumulate more OM, 
but may be more prone to peat collapse under stress (Chambers et al., 
2019; Hupp et al., 2009). These hydrogeomorphic settings can interact 
with vegetation type and nutrient status to affect C and N storage and 
SOM stabilization.

To understand how vegetation, nutrient status, and hydro
geomorphic setting may impact SOM persistence, an understanding of 
the mechanisms that stabilize SOM is necessary. Recent advances 
emphasize that SOM persistence reflects microbial processing, mineral 
interactions, and environmental constraints, rather than intrinsic litter 
recalcitrance alone (Von Lützow et al., 2007; Kleber, 2010; Schmidt 
et al., 2011; Castellano et al., 2015; Lehmann and Kleber, 2015; Cotrufo 
and Lavallee, 2022). Accordingly, SOM is often partitioned into partic
ulate organic matter (POM) and mineral-associated organic matter 
(MAOM) based on particle size and density (Lavallee et al., 2020; 
Cotrufo and Lavallee, 2022; Mirabito and Chambers, 2023). The POM 
pool (>53 μm; <1.6–1.85 g cm− 3) consists of larger, high-molecular- 
weight compounds (including less decomposed plant, microbial frag
ments), with faster turnover rates (Von Lützow et al., 2007). In contrast, 
MAOM (<53 μm; >1.6–1.85 g cm− 3) forms when smaller, low- 
molecular-weight compounds and microbial byproducts bind to silt- 
and clay-sized minerals, which typically exhibit slower cycling and 
greater physicochemical protection, representing the most stable and 
persistent form of soil C (Cotrufo et al., 2015; Kleber et al., 2015). The 
microbial efficiency–matrix stabilization (MEMS) framework posits that 
labile plant inputs can be efficiently converted into MAOM than more 
recalcitrant inputs when microbial growth efficiency is high and reactive 
mineral surfaces are available (Cotrufo et al., 2013). Because mangrove 
litter often differs from marsh litter in lignin content, N concentrations, 
and δ13C signatures (Breithaupt et al., 2019), vegetation type can impact 
OM lability, and also the balance between POM and MAOM.

Recent work in mangrove soils indicates that POM and MAOM vary 
in abundance and their contribution to persistent SOM based on the 
setting. For example, one mangrove study found mineral-associated soil 
organic C (SOC) fractions to be older and more abundant (34–62%) than 
low-density fractions (14–44%) (Hamada et al., 2024). Synthesis work 
similarly suggests that MAOM is more consistently associated with 
persistent SOC storage where mineral surfaces are abundant, but POM 
can also persist under strong environmental constraints (e.g., sustained 
anoxia) (Cooray et al., 2025). Indeed, long-term persistence of POM-rich 
C has been documented primarily in organic-rich, peat-forming 
mangrove systems with low mineral inputs and persistent anaerobic 
conditions (McKee et al., 2007). However, most (~90%) mangrove 
forests occur in terrigenous sedimentary settings with substantial min
eral inputs (Worthington et al., 2020) where organo–mineral in
teractions are expected to play a more dominant role in SOM 
stabilization. Furthermore, a recent study in Florida found that MAOM 
abundance differed by vegetation type, accounting for a larger propor
tion of SOC in mangrove soils (62%), whereas POM dominated SOC 
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storage in salt marsh soils (59%) (Assavapanuvat et al., 2024).
Despite widespread changes in marsh vs. mangrove coverage and 

nutrient enrichment, relatively few studies have examined how vege
tation type, nutrient status, and hydrogeomorphic setting interact to 
regulate MAOM abundance and the balance between POM and MAOM 
pools in coastal wetlands; rather, most research has focused on bulk C 
stocks or burial rates (Doughty et al., 2016; Steinmuller et al., 2022). 
Therefore, a knowledge gap exists in the mechanistic understanding of 
how SOM fractions differ based on vegetation and N loading, and 
whether response differs between creekside and interior settings. This 
study addressed this gap using a factorial field experiment in a man
grove–salt marsh ecotone in northeast Florida, USA. We evaluated N 
addition in marsh and mangrove plots located in two contrasting 
hydrogeomorphic settings (creekside vs. interior) and quantified POM- 
and MAOM-associated C and N, along with soil physicochemical prop
erties and isotopic signatures. The primary objective was to determine 
how vegetation type, N addition, and hydrogeomorphic setting combine 
to influence SOM fraction pools and the proportion of total C and N 
stabilized as MAOM. We hypothesize that: (1) that marsh plots will 
support greater MAOM formation due to inputs of more labile OM 
(Cotrufo et al., 2013), whereas mangrove plots will retain a higher 
proportion of POM due to more recalcitrant inputs (Breithaupt et al., 
2019); (2) N addition will enhance MAOM accumulation in mangroves 
plots through increased belowground inputs and microbial processing, 
while reducing MAOM formation in marsh plots due to reduced root 
foraging; and (3) creekside locations will exhibit greater MAOM accu
mulation than interior plots due to higher mineral sediment inputs that 
promote stabilization (Fagherazzi and Mariotti, 2012).

2. Methods

2.1. Study site description

This study, part of the WETFEET Project (https://www.wetfeetpro 
ject.com/) was conducted within the Guana Tolomato Matanzas Na
tional Estuarine Research Reserve (GTMNERR), located along Florida's 
Atlantic coast near St. Augustine. The GTMNERR receives an annual 
average precipitation of 1317 mm, while nearby St. Augustine has a 
mean annual temperature of 20.8 ◦C (11.1 ◦C–32.0 ◦C; (N.O.A.A., 2024). 
The focal study area, North Matanza (NMAT; Fig. 1C), lies approxi
mately 20 km south of St. Augustine and just north of Matanzas Inlet 
(29◦43′38.3″N, 81◦14′25.0″W). Historically, this site marks the northern 
limit of persistent mangrove presence in the region (Rodriguez et al., 
2016), with evidence of mangrove expansion and contraction over the 
past 250 years (Cavanaugh et al., 2019). Changes in vegetative cover at 
this site have been documented since at least 1942 via aerial photo
graphs and satellite imagery (Rodriguez et al., 2016). The site experi
ences a semidiurnal tidal cycle, with two high and two low tides daily, 
and mean high water of 0.63 m, and a mean low water of − 0.65 m 
relative to NAVD88 (Chapman et al., 2021). The vegetation community 
reflects the ecotonal nature of the site, featuring C₄ species like Spartina 
alterniflora, (now reclassified as Sporobolus alterniflorus; Peterson et al., 
2014), and C₃ halophytes such as Batis maritima and Avicennia germinans. 
Elevation gradients influence plant distribution: S. alterniflora patches 
dominate the low-elevation creekside areas, while B. maritima densities 
increase further inland. Currently, A. germinans is widespread across the 
landscape, typically growing as low-stature individuals. Site conditions 
include soil temperatures ranging from 20.8 ◦C to 30.0 ◦C, air temper
atures from 1.5 ◦C to 31.0 ◦C, an elevation of 41 cm above NAVD88, and 
an average porewater salinity of 39.1‰ (Chapman et al., 2021).

Fig. 1. Study site location and plot distribution. (A) Map of the continental United States showing the location of Florida. (B) Map of Florida highlighting the field 
site along the northeast coast (red pin). (C) Aerial image of the study area showing the distribution of experimental plots across a salt marsh-mangrove ecotone. Plot 
symbols indicate vegetation type (circles = mangrove; squares = marsh), nitrogen treatment (filled = control; open = N fertilized), and geomorphic setting (blue =
creekside; orange = interior), with five replicates of each combination.
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2.2. Experimental design and field sampling

In March 2022, 40 plots (2.25 m2; 20 creekside, 20 interior) were 
established at NMAT within a 0.02 km2 area. Plots followed a full- 
factorial design: two vegetation types (marsh and mangrove) × two 
nutrient treatments (N-fertilized and control) × two hydrogeomorphic 
locations (creekside and interior), with five replicates of each combi
nation (Fig. 1C). This design yielded four distinct plot types (control 
mangrove, fertilized mangrove, control marsh, and fertilized marsh) in 
each hydrogeomorphic location (creekside and interior). Mangrove 
plots contained a single A. germinans individual of similar stature (~2 m 
tall; 4–7 years old), with ages estimated from internode counts (Duarte 
et al., 1999). These individual mangroves have become established 
within an existing matrix of marsh, and this study design included only 
one discrete sampling of “mangrove” and “marsh,” rather than doc
umenting the temporal progression of mangrove encroachment into 
marsh (i.e., there is no baseline or pre-mangrove comparison).

Fertilized plots received 300 g of polymer-coated slow-release urea 
(46% N) annually in March 2022, April 2023, and May 2024. This 
application corresponded to 61.3 g N m− 2 yr− 1. Although higher than 
typical estuarine N loading, this amount was selected to produce a 
sustained fertilization response in a tidally flushed system and to align 
with established experimental fertilization rates used near our study site 
by Dangremond et al. (2020), and originally developed by Feller et al. 
(2003, 2007). Fertilizer was enclosed in mesh bags and inserted into 
shallow slits around the plot margins to minimize tidal export and 
ensure root-zone availability. This application supplemented the site's 
background nutrient regime, where >90% of floodwater N is in dis
solved organic form (GTMNERR SWMP data). “Fertilized” plots were 
compared to “control” (unfertilized) plots with one discrete measure
ment to determine the outcome after two years of nutrient enrichment; 
changes over time or from a known baseline were not quantified. The 
hydrogeomorphic classification was based on proximity to the tidal 
creek: plots within 3 m of the creek were designated “creekside,” while 
those located more than 3 m away were “interior.”.

In March 2024, intact soil cores (7 cm diameter × 30 cm depth) were 
collected from each plot using an acrylic push-core method to minimize 
compaction (Upreti, 2019). These samples were taken after two years of 
fertilization (March 2022 and April 2023) and immediately prior to the 
third application in May 2024. Sampling was consistently performed on 
the same side of each plot (facing the plot front) to ensure consistency. In 
the field, each core was sectioned into 0–15 cm and 15–30 cm soil in
tervals, placed in Ziploc bags, and transported on ice to the Aquatic 
Biogeochemistry Laboratory (ABL) at the University of Central Florida 
(UCF). In the lab, samples were weighed, homogenized, and stored at 
4 ◦C until further analysis.

2.3. Soil physicochemical properties and nutrients

The soil physicochemical properties analyzed for 0–15 and 15–30 cm 
soil depths included moisture content, bulk density, pH, percent OM, 
total carbon (TC), total nitrogen (TN), total phosphorus (TP), and par
ticle size analysis. Gravimetric moisture content was calculated by 
weighing homogenized soil subsamples before and after drying at 70 ◦C 
until a constant weight was achieved. Bulk density was determined 
based on the wet weight of a known soil volume and moisture content. 
Soil pH was measured by creating a 1:5 soil-to-water slurry using ~5 g of 
soil and 25 mL of nanopure water. After stirring and allowing the slurry 
to sit for 30 min, pH was measured with an Accumet XL200 benchtop pH 
probe (Thermo Fisher Scientific), as described by Thomas 1996 (with 
modifications). Oven dried soil subsamples were finely ground in a SPEX 
8000 M Mixer/Mill (SPEX Sample Prep, Metuchen, NJ, USA). The ho
mogenized, dried, and ground soil subsamples were analyzed for TC and 
TN using a Vario Micro Cube CN Analyzer (Elementar Americas Inc., 
Mount Laurel, NJ, USA). Method detection limits of 0.07 g C kg− 1 and 
0.005 g N kg− 1. Analytical precision, assessed using replicate 

measurements, was within 2–9% relative standard deviation (RSD). 
Accuracy was verified through repeated analysis of certified reference 
materials, with recovery ranging from 97 to 103%. Total P was 
measured following the ashing-digestion method outlined by Andersen 
(1976). Approximately 0.3 g of dried, ground soil subsamples were 
placed in 50 mL digestion tubes and ashed at 550 ◦C for 4 h in a muffle 
furnace. Loss on ignition was used to determine % OM by comparing the 
ashed weight to the pre-burn dry weight (Sparks et al., 1996). After 
combustion, the samples were moistened with deionized (DI) water and 
dissolved in 50 mL of 1 M HCl. The digestion tubes were placed on a 
digestion block at 100–120 ◦C per 30 min. The samples were cooled, 
filtered through Whatman #41 filter paper, and diluted to volume with 
DI water in 50 mL volumetric flasks. The TP of the digests was deter
mined colorimetrically using a SEAL AQ2 Automated Discrete Analyzer 
(SEAL Analytical Inc., Mequon, Wisconsin) in accordance with U.S. EPA 
method 365.1 Rev.2 with a detection level 0.001 mg P L− 1 (RSD =
1–2%; recovery = 100–110%).

Particle size analysis was conducted using oven-dried soil samples. 
Approximately 2 g of ground soil was weighed into a crucible and ashed 
in a muffle furnace at 550 ◦C for 4 h to remove OM. Around 1 g of ashed 
soil was transferred to a centrifuge tube and 40 mL of 4% sodium hex
ametaphosphate was added as a dispersant. The mixture was vortexed 
briefly, then shaken on an orbital shaker at 150 RPM for 24 h. Particle 
size distribution was measured using a Cilas 1190 Particle Size Analyzer 
(Cilas, Orléans, France) to quantify clay, silt, and sand fractions, clas
sified according to USDA standards (<0.02 μm for clay, 0.02–0.50 μm 
for silt, and > 50 μm for sand; USDA NRCS, 2011) (RSD = 1–10%). The 
final composition was normalized so that SOM, clay, silt, and sand 
collectively totaled 100% (Fig. 2).

Extractable ammonium (NH4
+), nitrate (NO3

− ), soluble reactive 
phosphorus (SRP), and dissolved organic carbon (DOC) were measured 
within 48 h after soil collection. Approximately 5 g of homogenized, 
field-moist soil subsamples were placed in 40 mL centrifuge tubes, then 
20 mL of 2 M KCl was added. The mixtures were shaken on a longitu
dinal shaker for 1 h, then centrifuged at 4000 g for 10 min at 10 ◦C using 
a Sorvall RC 5C Plus centrifuge (Weaverville, NC). The supernatants 
were vacuum filtered through 0.45 μm membrane filters, acidified with 
concentrated H2SO4 for preservation, and refrigerated at 4 ◦C until 
analysis. The samples were analyzed using a SEAL AQ2 Automated 
Discrete Analyzer (Seal Analytical), with detection limits of 0.006 mg 
NO3-N L− 1 (RSD = 1–15%; recovery = 95–120%), 0.007 mg NH4-N L− 1 

(RSD = 1–15%; recovery = 95–110%), and 0.002 mg P L− 1 (RSD =
1–2%; recovery = 100–120%), according to EPA methods 231-A Rev.0, 
210-A. Rev. 1, and 204-A Rev. 0, respectively (USEPA, 1993). DOC was 
determined using a TOC-L Analyzer (Shimadzu Scientific Instruments, 
Kyoto, Japan) (RSD = 2–20%; recovery = 95–115%).

2.4. Soil fractionation

The MAOM and POM were isolated using a combination of physical 
and density fractionation, following the protocol of Mirabito and 
Chambers (2023). For physical fractionation, ~15 g of dry-equivalent, 
field-moist soil was dispersed in a 0.5% sodium hexametaphosphate 
solution (1:8 soil-to-solution ratio) and shaken for 18 h to disrupt ag
gregates and release occluded OM (Cambardella and Elliott, 1992). The 
resulting slurry was wet-sieved through a 53 μm mesh to separate coarse 
(>53 μm) from fine (<53 μm) particles. Material retained on the sieve 
was backwashed into pre-weighed containers and dried at 70 ◦C to 
constant weight. The >53 μm fraction was classified as POM, while a ~1 
g subsample of the <53 μm fraction was subjected to density separation 
using 20 mL of sodium polytungstate (density 1.85 g cm− 3). Samples 
were shaken at 150 RPM for 18 h, centrifuged at 3400 RPM (20 ◦C) for 
30 min, and the floating light fraction (LF; POM; <1.85 g/cm3) was 
aspirated, filtered, rinsed, and dried, and was classified as POM. The 
remaining heavy fraction (HF; MAOM; >1.85 g/cm3) was rinsed thor
oughly, centrifuged at 5000 RPM for 10 min to remove salts, dried at 
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70 ◦C, and classified as MAOM. The final POM pool comprised the LF 
material isolated during density separation, combined with the coarse 
>53 μm OM from physical fractionation. Both POM and MAOM frac
tions were ground and analyzed for total C and N using a Vario Micro 
Cube CN Analyzer (Elementar Americas Inc., Mount Laurel, NJ, USA) 
(RSD = 2–6%; recovery = 95–105%).

2.5. Stable isotope analysis

Stable isotope analysis was conducted to determine the δ13C 
composition of the POM and MAOM fractions. Dried and ground sub
samples from both fractions were processed at the Stable Isotope Mass 
Spectrometry Laboratory, Department of Geological Sciences, Univer
sity of Florida. The laboratory processed the samples and provided δ13C 
values. Analyses were performed using a Costech ECS 4010 Elemental 
Combustion System coupled to an isotope ratio mass spectrometer (RSD 
= 0–0.2‰). Isotope ratios were reported in delta (δ) notation relative to 
the Vienna Pee Dee Belemnite (VPDB) standard, and also expressed as 
atom % 13C.

2.6. Data analysis

All statistical analyses were conducted in R version 4.0.3 within 
RStudio (R Foundation for Statistical Computing, Vienna, Austria; 
RStudio Inc., Boston, MA, USA). Data visualization was performed using 
the “ggplot”2 package (Wickham, 2016), and data processing employed 
tidyverse (Wickham et al., 2019). Outliers were assessed using the 
generalized ESD test from the “envStats” package and by visual in
spection of boxplots (Millard and Kowarik, 2025). Normality was eval
uated with the Shapiro-Wilk test (α = 0.05) and normal Q-Q plots, while 
Levene's test (α = 0.05) was used to assess the homogeneity of variances. 
When assumptions for parametric ANOVA were not met—even after 
transformation—generalized linear models (GLMs) or generalized linear 
mixed models (GLMMs) were applied, using either the Gaussian or 
Gamma distribution with a log link. Model selection was guided by 

Akaike Information Criterion (AIC) scores using the “AICcmodavg” 
package (Mazerolle, 2020), with residual plots used to further validate 
model fit. The “performance” package (Lüdecke et al., 2021) was used to 
assess model assumptions including normality, variance homogeneity, 
and collinearity, while “DHARMa” package (Hartig and Lohse, 2022) 
was used to evaluate residual diagnostics for GLMs or GLMMs. Adjusted 
R2 values were estimated with the “MuMIn” package (Barton, 2023). 
Pairwise comparisons between vegetation and treatment were evaluated 
using Tukey's HSD post hoc test within the “emmeans” package (Lenth, 
2020).

To answer the research questions, data were subset by soil depth 
(0–15 cm and 15–30 cm). Fractionated SOM pools (MAOM and POM) 
were analyzed using GLMMs with interaction terms for vegetation type 
(marsh vs. mangrove), treatment (N fertilized vs. control), and location 
(creekside vs. interior) as fixed effects, and plotID as a random effect to 
account for repeated measures across plots (model: mg.C.g.soil ~ veg
etation*treatment*location + (1|plotID), family = Gamma(link =

“log”)). Results were reported as means ± standard error (N = 5). If no 
significant interaction or main effects were found (α = 0.05) between 
vegetation and treatment, data were pooled by location (N = 20). Soil 
physicochemical properties were analyzed using three-way ANOVAs 
(model: ~ vegetation * treatment * location), with exceptions for 
extractable NH₄+ and DOC (0–15 cm), and for TC, NH₄+, and NO₃−

(15–30 cm), which were analyzed using Gamma-distributed GLMs. Soil 
particle size data were analyzed using a Gamma GLMM with vegetation, 
treatment, and location as the fixed predictors. δ13C isotope values in the 
MAOM fraction were analyzed with three-way ANOVA by vegeta
tion*treatment*location. Principal components analysis (PCA) was 
performed using the “ggfortify” and “FactoMineR” packages (Tang et al., 
2016; Lê et al., 2008). C content in MAOM and POM fractions was 
calculated both as mg C per gram of soil, reflecting total pool size, and 
mg C per gram of total C (%) providing insight into the proportion of 
stabilized OM relative to the total. All analytical measurements were 
performed following standard laboratory QA/QC protocols, and re
ported values reflect the analytical precision of each method.

Fig. 2. Soil particle size and organic matter composition (% by mass) by depth and location. Asterisks indicate statistical differences across locations within each 
depth (n = 20; p < 0.05).
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3. Results

3.1. General soil properties and phosphorus

Across all depths, TP, pH, and the C:N ratio did not differ by location 
(creekside vs. interior), vegetation (marsh vs. mangrove), or treatment 
(N fertilized vs. control) (p > 0.065). Location strongly influenced most 
soil physicochemical properties. At 0–15 cm, interior plots had 24% 
higher moisture content (p < 0.001), 39% lower bulk density (p <
0.001), and 78% more OM (p < 0.001) than creekside plots. Similar 
trends were observed at 15–30 cm: interior plots had 16% higher 
moisture (p = 0.017), 24% lower bulk density (p = 0.008), 56% more 
OM (p = 0.001; Table 1). Particle size distribution also differed by 
location. At 0–15 cm, sand content was 61% lower in the interior plots 
(8.91 ± 1.03%) compared to the creekside plots (23.1 ± 3.72%; p <
0.001), while silt and clay content did not differ (p > 0.275; Fig. 2). At 
15–30 cm, sand was 59% lower, silt 12% higher, and clay 13% higher in 
interior plots than creekside plots (p < 0.001; p = 0.017; p = 0.039; 
Fig. 2). Moisture content, bulk density, OM, and particle size distribu
tion did not differ by vegetation or treatment (p > 0.262).

3.2. Soil carbon fractions

The main effect of location influenced the greatest number of C pool 
properties. Total C averaged 65% higher in interior plots than creekside 
plots at 0–15 cm (p < 0.001) and 32% higher at 15–30 cm (p = 0.046; 
Table 1). No differences in TC were observed by vegetation or treatment 
(p > 0.262). Dissolved organic carbon (DOC) followed the same spatial 
pattern, with concentrations 115% higher in the interior at 0–15 cm 
(132 ± 13.4 vs. 61.6 ± 7.98 mg kg− 1; p < 0.001) and 82% higher at 
15–30 cm (83.7 ± 9.42 vs. 46.0 ± 4.01 mg kg− 1; p < 0.001) than 
creekside plots. Among the physicochemical fractions, POM-C mass 
dominated SOM in interior plots (mean of 54–56%), while MAOM-C 
mass was the dominant form of SOM in creekside plots (53–58%). At 
0–15 cm, interior plots contained 131% more POM-C than creekside 
plots (52.5 ± 2.70 vs. 22.7 ± 2.98 mg C g− 1 soil; p < 0.001). At 15–30 

cm, POM-C was 86% higher in interior plots (28.0 ± 2.75 vs. 15.0 ±
2.41 mg C g− 1 soil; p < 0.001). The mass of stable C (as MAOM-C) 
showed similar trends. At 0–15 cm, interior plots contained 58% 
greater MAOM-C than creekside plots (41.2 ± 1.64 vs. 26.0 ± 2.09 mg C 
g− 1 soil; p < 0.001), and 17% greater at 15–30 cm, though the latter was 
not statistically different (p = 0.193). However, when viewed as a per
centage of TC, a larger proportion of TC was stabilized as MAOM-C in 
the creekside plots. MAOM-C comprised 55.5 ± 2.0% of TC in creekside 
plots, compared to 44.3 ± 1.5% in interior plots at 0–15 cm (p < 0.001), 
and 58.4 ± 2.1% vs. 47.7 ± 1.4% at 15–30 cm (p < 0.001).

Vegetation and treatment interaction were most pronounced for 
DOC and surface SOM fractions. In the interior at 0–15 cm, DOC in the 
fertilized mashes was nearly twice as high as in fertilized mangroves 
(199 ± 33.8 vs. 104 ± 10.5 mg kg− 1; p = 0.001); and fertilized marshes 
also averaged 38% more DOC than control marshes (132 ± 14.4 mg 
kg− 1; p = 0.029). In creekside plots at 0–15 cm, DOC was more than 
double in fertilized marshes relative to fertilized mangroves (78.4 ±
23.1 vs. 37.7 ± 7.43 mg kg− 1; p = 0.008; Fig. 5A).

For the physicochemical fractions, marshes tended to hold more 
POM-C than mangroves in the surface soil. In the interior control plots, 
marshes had 31% more POM-C than mangroves (57.9 ± 5.47 vs. 44.3 ±
2.73 mg C g− 1 soil; p = 0.037). In the creekside fertilized plots, marshes 
had 49% more POM-C than mangroves (25.6 ± 7.03 vs. 12.8 ± 0.58 mg 
C g− 1 soil; p = 0.033; Fig. 3A; Table S1). At 15–30 cm, vegetation did not 
affect POM-C mass at either location (p > 0.102; Fig. 4A; Table S1).

MAOM-C also varied by vegetation at the surface soil. In the interior 
control plots, marshes held 14% more MAOM-C than mangroves (42.5 
± 1.85 vs. 37.3 ± 1.69 mg C g− 1 soil; p = 0.049), while in the fertilized 
plots, marshes had 29% less MAOM-C than mangroves (33.9 ± 0.51 vs. 
47.9 ± 3.76 mg C g− 1 soil; p < 0.001). In creekside plots, the trend was 
reversed: in the fertilized plots, marshes contained 49% more MAOM-C 
than mangroves (27.9 ± 4.91 vs. 18.8 ± 1.05 mg C g− 1 soil; p = 0.037; 
Fig. 3A; Table S1). At 15–30 cm, MAOM-C did not differ by vegetation or 
treatment at either location (p > 0.102; Fig. 4A). When viewed as a 
percentage of TC, at 0–15 cm in the interior fertilized plots, MAOM-C 
comprised 49.9 ± 2.86% of TC in mangroves, compared to 41.4 ±
2.87% in marshes (p = 0.033; Table S2), mirroring the pattern observed 
for MAOM-C mass per gram of soil. No vegetation or treatment differ
ences were observed between surface interior control plots (p > 0.877) 
or in creekside plots at either depth (p > 0.202).

The treatment interaction effects also influenced some C pools. At 
15–30 cm in the interior mangroves, POM-C was 66% higher in fertilized 
than controls (33.1 ± 6.01 vs. 20.0 ± 4.19 mg C g− 1 soil; p = 0.038; 
Fig. 4A; Table S1). No treatment effects were observed in creekside 
POM-C at both depths (p > 0.4366). However, MAOM-C mass strongly 
varied by treatment at surface soil. In the interior fertilized mangroves 
plots held 28% more MAOM-C than controls (p < 0.001), while in the 
fertilized marshes plots held 20% less than their controls (p = 0.001; 
Fig. 3A). No treatment-related differences were observed in the deeper 
interior soils or in the creekside plots at either depth. Regarding stabi
lization efficiency (i.e., percentage of TC as MAOM-C), at 15–30 cm in 
the interior mangroves, MAOM-C comprised 53.5 ± 3.29% of TC in 
control plots, compared to 44.7 ± 3.15% in fertilized plots (p = 0.001; 
Table S2); no other treatment-related differences were observed.

3.3. Soil nitrogen fraction

The main effect of location also influenced the greatest number of N 
pool properties. At 0–15 cm, interior plots had 72% more TN than 
creekside plots (p < 0.001), while at 15–30 cm, the difference was not 
statistically significant (p = 0.065; Table 1). Among extractable N pools, 
NH₄+ concentrations were 146% higher in interior plots than creekside 
plots at 0–15 cm (3.35 ± 0.32 vs. 1.36 ± 0.23 mg kg− 1; p < 0.001) and 
45% higher at 15–30 cm (1.39 ± 0.14 vs. 0.96 ± 0.20 mg kg− 1; p =
0.017). The physicochemical fractions of N followed the same trend as 
the C fractions– both POM-N and MAOM-N mass were higher in interior 

Table 1 
Average sediment/soil physicochemical properties (mean ± standard error, n =
20) were determined from homogenized samples collected at each location and 
depth. δ13C composition were determined in MAOM and POM fractionated soil. 
Different letters indicate significant differences across locations within each soil 
property and depth (p < 0.05); b.d. indicates below detection.

0–15 cm soil interval 15–30 cm soil interval

Creekside Interior Creekside Interior

Moisture content (%)
56.7 ±
2.33b

70.3 ±
0.67a

50.6 ±
2.86b

58.6 ±
1.90a

Bulk density (g 
cm− 3)

0.58 ±
0.04a

0.35 ±
0.01b

0.71 ±
0.05a

0.54 ±
0.03b

Organic matter (%)
13.7 ±
1.52b

24.4 ±
0.73a

10.9 ±
1.36b

17.0 ±
0.96a

Total phosphorus 
(mg kg− 1) 338 ± 37.5a

391 ±
18.9a 189 ± 25.5a

204 ±
15.1a

Total carbon (g kg− 1)
51.3 ±
5.35b

84.8 ±
2.86a

37.3 ±
4.86b

49.3 ±
3.74a

Total nitrogen (g 
kg− 1)

3.20 ±
0.33b

5.51 ±
0.18a

2.11 ±
0.31a

2.81 ±
0.22a

C:N ratio
16.2 ±
0.38a

15.4 ±
0.23a

19.0 ±
0.73a

17.7 ±
0.28a

Extractable NO3
−

(mg kg− 1)
0.32 ±
0.04b

0.49 ±
0.04a

0.20 ±
0.03a

0.26 ±
0.02a

Extractable PO4
− (mg 

kg− 1) b.d b.d 0.07 ± 0.05 b.d

pH
5.45 ±
0.24a

5.50 ±
0.13a

5.37 ±
0.18a

5.60 ±
0.08a

δ13C-MAOM (‰)
− 23.8 ±
0.24a

− 24.7 ±
0.18b

− 23.5 ±
0.38a

− 23.8 ±
0.22a

δ13C-POM (‰)
− 22.1 ±
0.57a

− 22.8 ±
0.29a

− 21.6 ±
0.55a

− 21.4 ±
0.32a
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plots. Also, MAOM-N mass was the dominant pool at both locations, 
comprising 61–66% in interior plots and 72–74% in creekside plots. At 
0–15 cm, POM-N averaged 164% higher in interior plots (2.45 ± 0.12 
vs. 0.93 ± 0.14 mg N g− 1 soil; p < 0.001), and 66% higher at 15–30 cm 
(1.06 ± 0.13 vs. 0.64 ± 0.12 mg N g− 1 soil; p < 0.001). MAOM-N 
showed similar patterns. At 0–15 cm, interior plots held 61% more 
MAOM-N than creekside plots (3.86 ± 0.15 vs. 2.39 ± 1.21 mg N g− 1 

soil; p < 0.001), and 16% more at 15–30 cm (2.08 ± 0.15 vs. 1.80 ±
0.22 mg N g− 1 soil; p = 0.294). However, a larger proportion of TN was 
stabilized as MAOM-N in the creekside plots. MAOM-N comprised 73.8 
± 1.7% of TN in creekside plots, compared to 61.2 ± 1.2% in interior 
plots at 0–15 cm (p < 0.001), and 74.2 ± 1.5% vs. 67.9 ± 1.5% at 15–30 
cm (p = 0.003).

Vegetation interaction effects were most apparent in the 0–15 cm 
surface layer. NH₄+ in fertilized plots was nearly double in marshes 
(2.16 ± 0.54) compared to mangroves (1.04 ± 0.48; p = 0.035); and for 

the control plots, NH₄+ was also higher in marshes (1.64 ± 0.20) than 
mangroves (0.58 ± 0.15; p = 0.003; Fig. 5B). POM-N was more variable, 
at 0–15 cm, no differences were found between interior mangroves and 
marshes at both fertilized and control plots (p = 0.369), but in fertilized 
creekside plots, marshes contained 138% more POM-N than mangroves 
(1.07 ± 0.33 vs. 0.45 ± 0.02 mg N g− 1 soil; p = 0.016; Fig. 3B; Table S1). 
No vegetation differences were observed at 15–30 cm in either location 
(p = 0.095; Fig. 4B). MAOM-N mass followed the same trend as MAOM- 
C mass in the surface layer. In the interior control plots, marshes con
tained 14% more MAOM-N than mangroves (3.98 ± 0.15 vs. 3.48 ±
0.12 mg N g− 1 soil; p = 0.027), while in the fertilized plots, marshes had 
31% less MAOM-N than mangroves (3.14 ± 0.08 vs. 4.53 ± 0.34 mg N 
g− 1 soil; p < 0.001; Fig. 3B). In the creekside the trend was the opposite 
again, in the fertilized plots, marshes contained 51% more MAOM-N 
than mangroves (2.48 ± 0.44 vs. 1.64 ± 0.15 mg N g− 1 soil; p =
0.045). No vegetation effects were observed at 15–30 cm at both 

Fig. 3. The concentration of A) Carbon and B) Nitrogen per total gram of soil in the MAOM and POM pool for all four plot types across the interior and creekside 
locations in the 0–15 cm depth. Bar plots display the means (n = 5, p < 0.05). Different letters denote significant differences (p < 0.05) across plot types within the 
same location and pool.
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locations (p > 0.102; Fig. 4B). When viewed as a percentage of TN, at 
0–15 cm in the interior fertilized plots, MAOM-N comprised 65.3 ±
2.3% of TN in mangroves, compared to 58.1 ± 2.4% in marshes (p =
0.028; Table S2), consistent with trends observed in MAOM-N per gram 
of soil. No vegetation-related differences were observed between inte
rior control plots (p > 0.877) or in creekside plots at either depth (p >
0.202).

Treatment interaction effects was stronger for extractable NH₄+ and 
MAOM-N fractions. At 0–15 cm in the interior mangroves, NH₄+

increased by ~80% from control to fertilized plots (2.19 ± 0.21 to 3.93 
± 0.81 mg kg− 1; p = 0.003), while marsh plots showed no significant 
treatment response (p > 0.109) (Fig. 5B). POM-N mass was less variable 
by treatment, with only creekside mangroves at 0–15 cm exhibiting 
higher N concentration in the control plots compared to fertilized plots 
(0.98 ± 0.20 vs. 0.45 ± 0.02 mg N g− 1 soil; p = 0.030; Fig. 3B). How
ever, MAOM-N followed the same trend as MAOM-C. At 0–15 cm in the 
interior mangroves, fertilized plots had 30% more MAOM-N than con
trols (4.53 ± 0.34 vs. 3.48 ± 0.12 mg N g− 1 soil; p < 0.001), while in the 
marshes, fertilized plots had 21% less than their controls (3.14 ± 0.08 
vs. 3.98 ± 0.15 mg N g− 1 soil; p < 0.001; Fig. 3B). No treatment 

interaction effects were observed for MAOM-N in deeper interior soil 
and in the creekside at both depths (p > 0.784). When normalized to TN, 
MAOM-N per g N did not differ by treatment at both location and depths 
(Table S2).

3.4. δ13C and PCA analysis

At 0–15 cm, MAOM δ13C was more negative in interior plots than in 
creekside (p = 0.006). POM δ13C was less depleted and similar between 
locations, with no statistical difference detected (p = 0.297). No dif
ferences in MAOM or POM δ13C were detected at 15–30 cm (p > 0.532; 
Table 1). The PCA of MAOM-related variables revealed distinct clus
tering by location, with interior plots (orange) separating from creekside 
plots (blue) along PC1, which explained 59.8% of total variation. Inte
rior plots were associated with variables promoting MAOM formation, 
including higher OM, moisture, clay, silt, TC, TN, and ammonium con
centrations. In contrast, creekside plots aligned with higher sand con
tent, bulk density, and C:N ratio (Fig. 6).

Fig. 4. The concentration of A) Carbon and B) Nitrogen per total gram of soil in the MAOM and POM pool for all four plot types across the interior and creekside 
locations in the 15–30 cm depth. Bar plots display the means (n = 5; p < 0.05). Different letters denote significant differences (p < 0.05) across plot types within the 
same location and pool.
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4. Discussion

4.1. Greater MAOM accumulation in interior vs. creekside

The substantially greater accumulation of MAOM-C and MAOM-N 
mass in interior plots, relative to creekside plots, likely reflects more 
favorable conditions for organo-mineral association. This includes 
higher soil moisture, lower bulk density, lower sand content, and greater 
OM, TC, and TN observed in interior plots, all of which may enhance 
organo-mineral interactions (Kleber et al., 2015; Lavallee et al., 2020; 
Lewis et al., 2021; Fig. 2). The PCA results (Section 3.4; Fig. 6) further 
support the clustering of interior plots with variables the include OM, 
TC, TN, moisture, fine texture, and NH₄+; meanwhile creekside plots are 
associated with higher sand content, higher bulk density, and C:N 
ratios—conditions less favorable for MAOM formation.

Hydrologic differences are likely a key abiotic driver of these phys
icochemical differences seen based on location. Interior plots, located at 
a slightly higher elevation (Bravo et al., in review) and farther from tidal 
creeks, experience reduced tidal flushing that encourages autochtho
nous OM accumulation, whereas creekside plots are frequently inun
dated, enhancing export and exchange (Fagherazzi and Mariotti, 2012) 
of both particulate and dissolved OM. The δ13C values also support this 

interpretation: interior MAOM was more depleted (− 24.68‰), consis
tent with C₃ plant inputs (e.g., A. germinans and B. maritima), while 
creekside δ13C signatures (− 23.80‰) suggested a greater influence of 
microbial-processed or marine-derived C (Bouillon et al., 2008; Kris
tensen et al., 2008; Table 1).

Although interior plots contained more MAOM mass overall, creek
side plots had a higher proportion of their TC and TN stabilized as 
MAOM. This indicates higher stabilization efficiency despite lower total 
OM. While this highlights a spatial trade-off between OM accumulation 
and stabilization efficiency, it is important to consider that creekside 
zones typically occupy a smaller proportion of the landscape. Therefore, 
interior wetlands, despite lower stabilization efficiency, are likely to 
contribute more to total MAOM storage at the ecosystem scale. The POM 
pool was also over twice as high in interior plots, both in mass and 
percentage, indicating better retention of free (unassociated) SOM in
puts under the low-energy conditions and suggesting POM losses during 
tidal exchange in creekside locations. Together, these patterns empha
size the need to account for both hydrogeomorphic setting and stabili
zation efficiency when assessing soil C dynamics in coastal wetlands. It 
also highlights how both POM and MAOM fractions can contribute to 
SOC persistence under different physical and hydrologic regimes.

Fig. 5. Extractable nutrient concentrations (mg kg− 1) at 0–15 cm depth for (A) dissolved organic carbon (DOC) and (B) ammonium (NH₄+) across locations and plot 
types. Different letters indicate significant differences across plot types within the same location (p < 0.05, n = 5).
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4.2. Mangrove and marsh responses to nitrogen enrichment in the interior

Results suggest that N addition increased MAOM-C and MAOM-N in 
interior mangrove plots but reduced these pools in interior marsh plots 
(Fig. 3A;3B). No notable increase in A. germinans stem height or root 
productivity was documented in fertilized interior mangrove plots 
(Bravo et al., in review). The impact of nutrient addition on mangrove 
productivity in other studies has been mixed. While N enrichment 
generally promotes aboveground growth and productivity in mangroves 
(Dangremond et al., 2020; Mack et al., 2024), its effects on belowground 
allocation are variable. Some studies report decreased mangrove root- 
to-shoot ratios under fertilization (Lovelock et al., 2009; Hayes et al., 
2017), whereas others observe increases in root biomass (Weaver and 
Armitage, 2020).

Since no effect of fertilization on mangrove productivity was 
observed in this study, the mechanism for enhanced MAOM formation in 
these plots may be more nuanced. Mangroves are known to reallocate 
nutrients belowground prior to senescence (Reef et al., 2010), have 
greater root exudation of C (Komiyama et al., 2008), and demonstrate 
niche differentiation in nutrient uptake when competing with marsh 
grasses (Dangremond et al., 2020), all of which could contribute to 
increased microbial processing and MAOM formation. Moreover, NH4

+, 
the preferred N form for mangrove uptake (Alongi et al., 1994; Reef 
et al., 2010), was higher in fertilized mangrove plots (Fig. 5B), poten
tially supporting greater microbial processing efficiency and the in vivo 
MAOM formation. According to the in vivo MAOM formation theory, 
microbes assimilate organic substrates and their necromass becomes 
stabilized post-mortem via mineral binding (Cotrufo and Lavallee, 
2022). Mangrove roots may also enhance MAOM by delivering fresh C 
deeper into the soil than marsh roots, increasing the likelihood of 

interactions with reactive mineral surfaces (Sokol et al., 2019). Finally, 
mangrove roots can oxygenate surrounding sediments and create steep 
redox gradients, which stimulate the formation of reactive Fe oxides 
capable of binding OM (Kristensen et al., 2008; Adhikari et al., 2017; 
Dicen et al., 2019). Overall, fertilized mangroves may enhance MAOM 
formation with elevated NH₄+ availability, accelerated root turnover, 
rhizosphere redox processes, and enhanced microbial processing, but 
additional mechanistic studies are needed and the response may be site- 
specific.

In contrast, MAOM-C and MAOM-N decreased in fertilized interior 
marsh plots (Fig. 3A, B). Because root productivity and stem density of 
S. alterniflora did not increase with fertilization (Bravo et al., in review), 
this species (being a C₄ grass) may have lower nutrient responsiveness or 
lower belowground allocation under high N. While N addition can 
stimulate growth in salt marshes, the lower nutrient demand of C₄ spe
cies may limit nutrient uptake and belowground C inputs (Sterner and 
Elser, 2002). Other work has demonstrated that chronic nutrient 
enrichment in S. alterniflora marshes can reduce belowground biomass 
by over 50%, increase decomposition rates, and lead to net SOM loss 
(Turner et al., 2009; Deegan et al., 2012). Though some wetlands show 
increased rhizome production and belowground productivity under 
moderate N enrichment (Morris and Sundberg, 2024) indicating, re
sponses remain highly context-dependent. In this study, elevated DOC 
concentrations in fertilized marsh plots (Fig. 5A) suggests the added N 
was stimulating soil decomposition and C loss through tidal export or 
leaching (Wang et al., 2014) resulting in a lower microbial stabilization 
efficiency (Zhang et al., 2025). These findings indicate that despite the 
lability of S. alterniflora litter, high nutrient loads may reduce C use ef
ficiency or alter microbial communities, limiting MAOM formation 
because more C is retained in the dissolved phase or exported from the 

Fig. 6. Principal component analysis (PCA) of soil physicochemical and MAOM-related variables across marsh and mangrove plots. Points represent individual soil 
samples colored by location (creekside vs. interior) and shaped by vegetation (marsh vs. mangrove), with ellipses indicating 95% confidence intervals based on 
location (creekside vs. interior). Arrows represent the direction and relative contribution of each variable to the first two principal component.
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system. Additionally, nutrient enrichment may disadvantage marsh 
grasses in competitive settings. Previous work shows that S. alterniflora 
cover declines in fertilized mangrove plots, likely due to rapid over
topping by A. germinans under high N availability (Dangremond et al., 
2020). Data from our plots indicates A. germinans seedlings and Batis 
maritima significantly increased in stem height in fertilized interior 
marsh plots where S. alterniflora did not (Bravo et al., in review).

Despite reduced MAOM in fertilized marshes, these ecosystems may 
still contribute to stabilization via ex vivo pathways, where microbial 
enzymes break down plant litter into soluble compounds that bind to 
minerals (Cotrufo and Lavallee, 2022). Under low nutrient conditions, 
marshes may even hold an advantage: our results showed that control 
marsh plots outperformed control mangroves in MAOM-C and MAOM- 
N, likely due to simpler litter chemistry and more efficient microbial 
transformation consistent with the MEMS framework (Cotrufo et al., 
2013). These patterns highlight the sensitivity of SOM stabilization to 
both nutrient inputs and plant traits.

Notably, fertilized marshes retained more C in POM than MAOM, 
while mangroves showed the reverse, suggesting marshes rely more on 
detrital accumulation, whereas mangroves favor microbial processing 
pathways. In addition to plant litter quality and hydrologic context, 
microbial community structure, particularly fungal–bacterial balance, 
may contribute to the contrasting SOM partitioning observed in fertil
ized marshes. While POM is commonly conceptualized as a detrital 
plant-derived pool, its formation and persistence can be indirectly sha
ped by fungal activity through aggregation and residue processing (Six 
et al., 2006; Cotrufo et al., 2013; Kim et al., 2022). Higher fungal-to- 
bacterial ratios have been associated with greater POM retention 
through slower SOM mineralization (Craig et al., 2018; Malik et al., 
2016). POM-N was also more variable across marsh plots, potentially 
reflecting rapid turnover or loss, whereas MAOM-N responses in man
groves were more consistent. The tendency for fertilized mangroves to 
store a larger proportion of organic inputs in MAOM (by mass and 
percent of the TC and TN pools) emphasizes the role of mangroves in 
long-term C and N stabilization.

4.3. Mangrove and marsh responses to nitrogen enrichment in the 
creekside

In creekside, fertilized marsh plots contained more MAOM-C and 
MAOM-N than fertilized mangroves (Fig. 3A;3B), the opposite to interior 
plot trends. Root productivity also tended to be lower in creekside 
mangrove plots compared to interior mangroves (Bravo et al., in re
view), suggesting that hydrodynamic stressors (such as frequent tidal 
flushing, sediment instability, and elevated salinity) could override the 
effect of nutrient availability and plant traits (Langley et al., 2013; 
Domínguez-Cadena et al., 2016). Moreover, in the dynamic creekside 
zones more frequent tidal flushing may enhance nutrient availability, 
reducing the need for extensive mangrove root systems. However, 
physical stressors such as sediment instability and rapid porewater 
turnover may still limit belowground C allocation and microbial stabi
lization pathways, ultimately constraining MAOM formation in man
groves despite fertilization.

In contrast, S. alterniflora is well-adapted to salinity and tidal stress 
(Mendelssohn et al., 2000). Its dominance at creek edges, likely aided by 
reduced competition, may promote SOM accumulation despite harsh 
conditions and explain the larger MAOM and POM pools in fertilized 
marshes. Interestingly, no differences were observed between control 
marsh and mangrove plots, indicating that nutrient addition, not vege
tation alone, drives divergence under stress. Moreover, while mass dif
ferences in MAOM-C and POM-C concentrations existed between 
vegetation types, no difference was observed when normalized to soil 
TC. These findings underscore how spatial context mediates SOM sta
bilization responses to nutrient inputs. In dynamic creekside environ
ments, abiotic filtering can dampen fertilization responses in 
mangroves, while marsh vegetation may retain greater C under similar 

conditions. Additionally, nutrient enrichment effects were weaker in 
creekside zones than in interior zones, indicating that hydrologic forcing 
and sediment dynamics can override treatment impacts on OM 
stabilization.

4.4. Implications for carbon sequestration in changing coastal ecosystems

Understanding how N enrichment affects soil C stabilization at a 
marsh-mangrove ecotone is essential for guiding C sequestration stra
tegies and predicting long-term soil C pools during ecosystem change. 
While prior studies have emphasized changes in vegetation, above
ground biomass, and total SOC (Doughty et al., 2016; Dangremond 
et al., 2020), fewer have focused on impacts to MAOM and POM 
fractions— the functionally and structurally distinct pools with different 
stabilization mechanisms (Lavallee et al., 2020; Cotrufo and Lavallee, 
2022). Our findings suggest that mangrove presence, when combined 
with N inputs, promotes MAOM formation in interior zones where 
reduced flushing, fine sediments, and elevated organic inputs create 
favorable stabilization conditions. This aligns with prior work doc
umenting enhanced SOC burial in northern Florida's mangrove–marsh 
ecotones (Doughty et al., 2016; Vaughn et al., 2020, 2021). Mangroves 
may facilitate stabilization via both productivity (Komiyama et al., 
2008) and high-quality microbial inputs via root exudates and turnover 
(Sokol et al., 2019). However, this experiment does not address pro
gressive mangrove encroachment over time or how SOM dynamics 
evolve during mangrove invasion.

Our results show that vegetation responses to N fertilization are 
strongly context-dependent: while interior mangroves tended to 
enhance MAOM under N addition, fertilized mangroves in creekside 
locations formed less MAOM than marshes, likely due to hydrodynamic 
stressors that reduce microbial efficiency and C inputs (Mangora, 2016; 
Alongi, 2020). These zonal differences highlight the importance of 
hydrogeomorphic context in shaping C sequestration potential 
(Fagherazzi and Mariotti, 2012). While several studies document greater 
aboveground biomass when mangroves replace marsh vegetation, our 
findings suggest that the impact on belowground SOM stabilization 
processes is nonuniform. This is consistent with Steinmuller et al. 
(2022), who found that soil OC density is more influenced by environ
mental setting and time since encroachment than by dominant vegeta
tion alone. Therefore, site-specific and hydrogeomorphic-specific 
assessments of SOM dynamics are essential for accurately evaluating C 
sequestration outcomes and informing restoration planning.

Finally, coastal wetlands may exhibit a trade-off between the size of 
SOM pools and their stabilization efficiency—a pattern that warrants 
deeper investigation across other estuarine systems (Assavapanuvat 
et al., 2024; Zhang et al., 2024). By quantifying C in both MAOM and 
POM pools, our study advances a mechanistic understanding of how 
vegetation, soil, and hydrology interact to shape C fate. Future research 
should expand these approaches to broader spatial scales and include 
isotopic tracing, microbial community profiling, and longer-term 
monitoring to better predict how C storage responds to climate and 
nutrient pressures across diverse coastal settings.

5. Conclusion

This study aimed to determine how N enrichment and differences in 
marsh and mangrove vegetation influence the stability of 
SOM—particularly the formation of MAOM— across distinct hydro
geomorphic settings. Our results show that SOM stabilization responses 
are strongly shaped by environmental context, producing divergent 
outcomes for C preservation depending on landscape position relative to 
tidal creeks. Specifically, interior wetlands accumulated greater quan
tities of SOM and MAOM, reflecting reduced tidal exchange, finer sed
iments, and greater OM retention. Meanwhile, creekside wetlands had 
lower overall SOM accumulation but a higher proportion of MAOM. This 
pattern highlights a fundamental trade-off between OM accumulation 
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and stabilization efficiency, which differs across hydrogeomorphic po
sitions. Vegetation type further modified these patterns, as mangrove 
soils promoted greater MAOM formation under N enrichment in low- 
energy interior settings, whereas marsh soils showed reduced MAOM 
under similar conditions; differences in plant traits, nutrient demand, 
and belowground processing pathways likely explain this divergent 
response and merit further investigation. In creekside environments, 
physical stressors appeared to constrain mangrove contributions to SOM 
stabilization, while marsh vegetation maintained or enhanced OM 
retention.

Together, this study underscores that predictions of C sequestration 
outcomes based solely on vegetation shifts or nutrient loading may be 
misleading without explicit consideration of landscape context. As 
mangroves continue to expand poleward and nutrient enrichment in
tensifies in coastal regions, site-specific approaches that explicitly 
incorporate hydrogeomorphic context are needed. Incorporating this 
complexity will improve the accuracy of long-term C storage projections 
and aid in the design of effective restoration and climate mitigation 
strategies in coastal wetlands.
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